ABSTRACT
INTRODUCTION
Subsurface remediation of active and inactive waste sites generally includes activities related to the 1) identification, quantification, and control of contaminant sources;2) consideration of clean-up levels for protection of human health and the environment; and 3) selection of treatment technologies. However, lack of methods and approaches for evaluating and selecting remedial technologies represents a major deficiency in the area of subsurface remediation [1] . One challenge is to relate more effectively site-characterization activities to the selection of the most appropriateremediation technologies. Site-characterization information that directly affects subsurface-remediation selection includes chemical distribution, transport, reaction kinetics, identification and amount of electron acceptors present, and redox and pH information to determine the chemical form and reactivity of electron acceptors [1] .
The concept of chemical mass balance can be used for integrating site-characterization and treatment-selection decision-making. By evaluating the distribution of chemicals among air, water, solid, and organic phases of a soil, fate can be comprehensively assessed and used in the selection and design of remedial options. Chemical mass balance represents a rational and fundamental approach upon which specific 245 FIGURE 1 Illustrative Example of Humus [5] questions can be asked and specific information can be obtained, thereby simultaneously addressing site characterization and remediation. Although a mass balance provides only information on mass quantities involved, a mass-balance approach can be correlated to other pertinent information at the waste site (e.g., when the waste was originally disposed and the form of the original waste) to provide a more comprehensive picture of how the waste became distributred at the site.
Recalcitrant and hydrophobic organics, including halogenated aromatics and polynuclear aromatic hydrocarbons (PAHs), tend to partition from water to sol id phase (e.g., adsorption) in a soil environment [2] . One fate mechanism for these organics is immobilization through the natural soil humification process. Although contact may exist between the organic chemical and soil surface,there is currently a lack of information on how natural humification functions to immobilize these chemicals.
This information is useful in the evaluation of chemical degradation, transformation, and detoxification processes that form the basis for using in-situ, prepared-bed, or in-tank (composting) reactors [1, 3] .
Humic materials are natural organic substances that are common in the environment and are involved in a nonstop polymerization process with organic molecules [4] . Polymerization of humus material (humification) involves the breakdown, convolution, and transformation of organic matter into long, complex, amorphous organic molecules with numerous reactive functional groups and bridges that are similar to the reactive groups added to aromatic compounds by microbial enzymatic action. Functional groups include hydroxyl, carboxyl, ketonic, phenolic, quinone, ester, ether, carbonyl, imino, and amino groups, with dihydrodiol and dione (e.g., quinone) structural formations showing promise in promoting polymerization. Figure 1 illustrates a typical structure of humus. During humus formation, reactive compounds are 1 inked through biotic-enzymatic and/or abiotic-chemical reactions, resulting in complexes of polymerized molecules. Biotically induced polymerization, for example, can result in oxidative coupling of nonreactive organics (e.g., anilines) into active organic polymerization processes (e.g., using dichlorophenols) [6, 7] . More recently, scientists have noted that abiotically catalyzed polymerization may also represent an important aspect of humification [8] [9] [10] [11] . For example, manganese-bearing sil icates have demonstrated catalytic effects in enhancing the polymerization of polyphenols (e.g., hydroquinone) [11] . [7] conclude that biotic polymerization of xenobiotics in the humification process is possible because many of the degradation products of pesticides result in the formation of reactive intermediates with structures and/or functional groups similar to those found in natural humus material (see Figure 1 ). To seriously consider biotic immobilization of xenobiotics in the humification process as an acceptable engineering practice, it must be demonstrated, for example, that by-products are less toxic than the parent compounds and that constituents are chemically bound (i.e., inner-sphere cotmplexation) to the humic structure and immobile as opposed to being merely physically adsorbed (i.e., outer-sphere complexation). Chemical binding could result in 1) no future release of any constituent from the soil macromolecular structure, 2) insignificant release of toxic parent or transformation material from the structure, or 3) release of nontoxic degradation/transformation/intermediate products of the humification process.
Bollag and Liu [12] reported experiments in which halogen-substituted phenols (e.g., tri-, tetra-, and penta-chlorinated) were incubated with humus derivative syringic acid [C6H,0H(0CH3)2C00H or 3,5-dimethoxy-4-hydroxybenzoic acid], in the presence of the phenofoxidase enzyme lacease, to produce two types of hybrid oligomers: 1) quinonoid oligomers (dimers to trimers) in which the chlorophenols were bound through linkage to an orthoquinone derived from syringic acid or 2) phenolic oligomers (dimers to pentamers) in which the chlorophenols were bound through ether linkages to decarboxylated products of syringic acid. Figure 2 illustrates the cross coupl ing of 2,4,5-trichlorophenol [2, 4, and syringic acid (forming dimer, trimer, and tetramer products).
Bollag and Myers [7] noted that enzymatically-catalyzed bond formation between xenobiotics and humic materials is primarily of a covalent nature. Outer sphere complexation (i.e., physical adsorption) or trapping in the molecular lattice is also possible.
Bollag et al. [15] and Bollag and Liu [13] reported covalently bound copolymerized products. Bollag et al. [15] incubated humus derivatives with 2,4-DCP and lacease; from MS results, they proposed dimer, trimer, tetramer, and pentamer polymerized products, based on mass spectrometry m/z (mass to charge) ratios. Bollag and Liu [13] [22] noted that quinonoid and phenolic oligomers were products that were formed and that they matched the mass spectra of respective monomers. They suggested dimer, trimer, tetramer, and pentamer polymerized products for phenols with one to five chlorine functional groups. Bollag et al. [16] Liu et al. [20, 21] showed that nonreactive organics could be induced into polymerization. Liu et al. [20] Figure 5 ] have shown significant increased activity over time with soil samples previously extracted with méthylène chloride [25, 26] . The extraction procedure did not remove all of the radiolabelled carbon, suggesting some sort of binding process between the B(a)P molecule or a portion of it and the soil material. Bollag and Myers [7] noted that the most persistent complexes result in organic alterations followed by covalent bonding and that organics covalently linked to soil organic matter are often referred to as "bound residues."
Keck [25] combined radiolabelled B(a)P with microbial 1 y active and sterile siltyloam Kidman soil, while Abbott and Sims [26] [7] comment that many chemicals and their degradation products are structurally similar to naturally occurring humic acid constituents with many of these compounds and their metabolites resembling humic acid precursors. Quinonoid and phenolic structures appear to be reactive forms for polymerization; as such, Figure 9 illustrates two B(a)P intermediates containing such functional groups, indicating that B(a)P might also have the ability to be involved in polymerization/humification processes. Laha [7] , whose research focuses on enzymatically induced polymerization, state that abiotically mediated catalysis may also be important. A number of reactants appear to move through a transitional phenol-, aniline, or quinone-like structure prior to becoming part of the final humified product [12, 14] . Senesi [26] Benzo(a)pyrene-3,6-Dione FIGURE 9 Structures of Biologically Mediated B(a)P Intermediates [5] Shindo and Huang [11, 30] [5, 27, 29] •C6H40(0H)
In previous work, Kononova [38] and Schnitzer and Kahn [39] made statements similar to that of Shindo and Huang [11] regarding the polymerization of hydroquinone through a semiquinone radical [29, 40] . Wang et al. [40] (Figure 10 ).
[C6H40(0H)r 
The terminal electron acceptor of the abiotic-catalytic process is free oxygen.
ILLUSTRATIVE ABIOTIC MODEL DESCRIBING REDUCTIVE DISSOLUTION AND AUTO-OXIDATION
Stone [41] [11, 29, 30, 35, 36, [40] [41] [42] [45] [46] [47] [48] [49] [50] [51] .
Transport-controlled reactions are assumed not to occur [43] . The dissolution rate is controlled by the rates of surface chemical reactions (assuming for this paper inner-sphere complexation) and not by diffusion [52] . Stone [12] reports that anilines polymerize in the presence of Rhizoctom'a lacease and 2,4-DCP but do not oligomerize in the presence of the enzyme only. Because aniline alone was not polymerized by the enzyme, the formation of cross-coupling products of 2,4-DCP and aniline may be due to a chemical reaction between aniline and a 2,4-DCP derivative [6] .
In an approach similar to that presented by Whelan ki -MnIV(0H)2 + 2 Nap-(0H)2 < > -MnIV(0-Nap-0H)2 + 2 H20 (10) k-i where k. and k.., are rate constants in the forward and reverse directions, respectively.
2. Electron Transfer: k2 *.MnIV(0-Nap-0H)2 <==> -Mn"(-0-Nap-0H)2 (11) k-2 where k2 and k.2 are rate constants in the forward and reverse directions, respectively. (12) k-3 where k, and k_3 are rate constants in the forward and reverse directions, respectively, and -0-Nap-OH is a radical. By noting that Mn(II) still resides on the oxide surface, the Mn(II) products of Equation (12) can also be written as follows, because the right-and left-hand sides of Equation (13) -Mn"0H2 = »MnIV02-(Mn"0H2) (13) where "=MnIV02-(Mn"0H2)" represents the reduced metal complex on the Mn(IV) surface prior to Mn(II) release.
Release of Reduced Metal Ion:
Stone and Ulrich [32] noted that protons frequently assist in the metal-detachment step of dissolution reactions and that studies have generally found the number of protons involved to be equal to the valence of the detached metal (i.e., 2) [55] . They continued to note that the actual number of protons involved in reductive dissolution is not known with certainty, because the presence of two or more oxidation states on the metal surface may alter the pH dependence of the metal-release step. The release of the reduced metal ion from the surface is expressed as follows: k4 *-Mn-v02-(Mn**0H2) + 2 H+ -> -MnIV(0H)2 + Mn2+ + H20 (14) where k4 is a rate constant. In experiments to determine the effect of varying amounts of Mn2+ on Mn02 dissolution rates, Stone and Morgan [43] found that initial rates of dissolution with varying amounts of Mn2+ in solution had no effect on the kinetics. Based on these results, one might conclude that Equation (14) is not rate limiting and can be considered to be unidirectional. The amount of Mn2+ in solution does not influence the rate of its formation. This conclusion appears to be confirmed by the fact that Mn(II) has a larger radius than Mn(IV) (i.e., 0.80 Â versus 0.50 Â [31] ) and does not appear to fit very well into the solid structure of Mn02(s). As such, the Mn(II) ion is readily released from the matrix. Mn(IV) to regenerate the oxidative surfaces and maintain zero net change. Equation (14) and Table 2 indicate that the rates of reaction and production of Mn2 and oxidized products are pH dependent. Wehrli [60] notes that thermodynamics indicate that manganese should be present in oxic waters as Mn(IV) oxides; however, experiments and analyses by Diem and Stumm [61] and Wilson [62] , respectively, have indicated that Mn2+ is not oxidized by oxygen within several years. Wehrl i [60] continues to note that recent experimental evidence has shown that mineral surfaces provide accelerated pathways for redox processes such as the oxygénation of metal ions and organic pollutants. He also notes that manganese oxygénation is accelerated by iron oxide particles by a factor of more than 10,000.
KINETICS OF REDUCTIVE DISSOLUTION AND AUT0-0XIDATI0N
This section presents algorithms describing the kinetics of hypothetical reductivedissolution and auto-oxidation reactions of manganese dioxide and naphthalenediol, assuming that Equations (10) through (15) [5, 45] illustration of the reductive dissolution and auto-ox i dation processes, based on Equations (10) through (15) . Assuming that the only species that contribute to the surface mass balance equation are -MnIV(0H)2, -MnIV(0-Nap-0H)2, »Mn"0H2, and -Mnn(-0-Nap-0H)2, and that other competing anions and cations are not considered, the surface mass balance equation can be written as follows:
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where ST is the total moles of surface sites per liter of solution (M). Under the assumption that each reaction can be described as an elementary reaction, rate expressions are proposed for -MnIV(0H)2, =MnIV(0-Nap-0H)2, =Mn"(-0-Nap-0H)2, and *Mnn0H2, using Equations (4) through (7):
The rate expressions for the remaining nonsurface-constituent concentrations (i.e.,
[Mn2+], [Nap(0H)2], and [-0-Nap-OH]) are as follows: (16) through (24) , which have been solved using Euler's method [63] . The solutions to these equations assume that the systems are well buffered (constant pH). If the pH was set at a lower value, then the rate of reductive dissolution would increase [see Equations (17) and (20) through (22)], and the rate associated with auto-oxidation would decrease [see Equation (22) ]. Although many environemtnal systems are buffered, many are not; and the effects of pH can be seen in these equations though.
As noted earlier, Schnitzer [37] suggested that the rate-determining step in the synthesis, by oxidative polymerization of humic acids from simple phenolic constituents and acids, is the formation of a semiquinone radical involving a one-electron transfer reaction. Following this reasoning, this illustrative example investigates the conditions when the formation and release of the naphthalenediol radical is ratelimiting. To meet this condition, either the electron transfer step [i.e., formation of the radical on the oxide surface, Equation (11) ] or the release of the oxidized organic radical from the oxide surface [Equation (12) ] is rate 1 i mi ting. For illustrative purposes, the latter (i.e., release of radical from the surface) is assumed to be the rate-limiting step.
The assumptions associated with this analysis are presented in Table 3 . Although temperature, ionic strength, and other parameters can play an important part in any scenario involving surface chemical reaction, they are not directly factored into the stoichiometric and kinetic equations outlined by Equations (10 through (15) . Whelan and Sims [5] and Stone and Ulrich [32] arbitrarily assigned values for the The results of the simulation are presented in Figure 12 . When release of the oxidized organic from the metal surface is rate-1 imiting (i.e., small k3), equil ibrium conditions between -MnIV(0-Nap-0H)2, -Mn"(• 0-Nap-0H)2, and -Mn,v(0H)2 may occur. =MnIV(OH)2 is converted to »MnIV(0-Nap-0H)2, which in turn is converted to =Mn"(-0-Nap-0H)2.
Under steady-state conditions, these concentrations do not change. Figure 12 Once the sample and control tubes were prepared and tumbled, they were sacrificed (i.e., no subsampling) at days 0, 1, 4, 7, and 14. The tubes were first centrifuged (Beckman J2-21) at 3000 rpms for 10 minutes. The supernatant was filtered through a 0.2-um-nylon filter using a Millipore filtering apparatus. Twenty mi 11 i 1 iters of the filtrate were dropwise acidified to a pH of 3 using 1 N NH20H-HC1 and 0.1 N HN0, [65] , the contents of which were diluted to 50 mL using an acetate-buffered/NaC10,-DDW [Mn2+] in sample tubes were due to oxidation of the organic substrate.
Results and Discussion
These experiments examined the effectiveness of employing manganese oxide particles to oxidize 2,3-naphthalenediol. The effectiveness is best illustrated in Figures  14 and 15 . Figure 14 presents temporal variations in the dissolved manganese concentration with 95% confidence intervals, expressed as a fraction of the total manganese added to the reaction vessel. Correspondingly, to indicate the degree of oxidation of the parent organic by the manganese particles, Figure 15 presents the fraction of the organic oxidized (i.e., molar ratio of organic oxidized to organic control). For example, a 0.99 value in this figure indicates that 99% of the parent organic has been oxidized (either transformed or degraded); the possibility of sorption has been accounted for. The results in this figure assume that the sample controls are indicative of the initial concentration in the reaction vessel. Because separate reaction vessels are employed for all analyses (i.e., separate samples, controls, and blanks without subsampling), this assumption may not strictly be correct. Figure 14 illustrates that dissolved manganese increased from zero to 34% of the total manganese over a 14-day period. The results show that after four days there was little change in the dissolved manganese fraction. Figure 15 illustrates that the reductive dissolution of the manganese was stopped by the absence of oxidizable substrate. Nearly all of the naphthalenediol was oxidized within the four-day sampl ing period. Although the curves look similar in Figures (13) and (14) , the Mn2+ production was not stopped by the effects of auto-oxidation, as illustrated by the modeling simula-261 ti on presented previously. The simulation illustrated how auto-oxidation could impact the reductive-dissolution process, where as the experiment was designed to illustrate that reductive dissolution could be a viable approach for oxidizing certain aromatic constituents. These results suggest that multiple-ringed aromatic compounds with diol functional groups are susceptible to oxidation by the reductive-dissolution process.
SUMMARY/CONCLUSIONS
By understanding the environmental consequences of recalcitrant-chemical oxidation/polymerization and the incorporation of these compounds into the humification process, recalcitrant organics could become constituent parts of soil humus, resulting in immobilized and/or detoxified bound residues. Immobilization and detoxification could be a decontamination method for certain types of waste constituents. These wastes would then be accessible to engineer-designed cleanup alternatives. To evaluate this alternative, data are currently needed on abiotic/biotic reactions that affect oxidation of organics in natural soil systems. The experimental results suggest that multiple-ringed aromatic compounds with diol functional groups are susceptible to oxidation by the reductive-dissolution process. The framework reviewed in this paper 1) provides a rational basis for an assessment of potential mechanisms influencing oxidation at a waste site, 2) provides focus for the design of treatability studies to determine rates of reaction and management options for stimulating natural polymerization, and 3) identifies master variables influencing polymerization for monitoring.
